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Abstract Secondary salinisation is recognised
worldwide as a threat to aquatic biodiversity. Wet-
lands in the Wheatbelt Region of Western Australia
are particularly affected as a result of clearing of deep-
rooted native vegetation for agriculture. Between 1996
and 2001, the Western Australian government nom-
inated six natural diversity recovery catchments
(NDRCs), being catchments with high value and diverse
wetlands in need of protection. One, the Buntine–
Marchagee NDRC, supports approximately 1000 wet-
lands in varying states of salinisation. The challenge is to
prioritise these wetlands for ongoing management. In
this paper we propose an approach to prioritise repre-
sentative wetlands using aquatic invertebrates. On the
basis of hydrology, salinity and remnant vegetation, 20
wetlands covering a range of salinities were selected for
sampling of water quality and aquatic invertebrates. Of
the 202 taxa recorded, most endemic taxa occurred in
fresh/brackish wetlands, while hypersaline wetlands
supported predominantly cosmopolitan species. Taxa
richness was greater in fresh/brackish than saline and
hypersaline wetlands, with conductivity explaining
83 % of between-wetland variation in taxa richness.
Classification using invertebrate assemblages separated
fresh/brackish, saline and hypersaline wetlands, with
greatest between-year variability within saline and
hypersaline sites. Wetlands were ranked using taxa
diversity, presence of conservation-significant taxa and
temporal similarity. Mean rank across indices provided
the final overall order of priority. Hypersaline wetlands
were ordered separately to the fresher water wetlands
(fresh/brackish and saline) so that priority for future
management was detailed for both types of wetlands.
The analysis indicated that although fresh/brackish sites
support the highest biodiversity, naturally saline sites
also supported wetland assemblages worthy of ongoing
protection.
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Introduction
In many semi-arid countries of the world, secondary
salinisation poses one of the greatest threats to aquatic
biodiversity (Williams 2001). Most often this is in the
form of dryland salinity; where deep-rooted native
vegetation has been cleared and replaced with annual
crops for agriculture. This leads to a hydrological
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imbalance, with less water uptake by vegetation and
an increase in recharge. Ultimately, salt stored in the
soil profile becomes mobilised as groundwater levels
rise, bringing saline water to the surface. This results
in waterlogging and increased salt concentrations in
both terrestrial and aquatic habitats (Davis et al. 2003;
Nielsen et al. 2003). Aquatic systems are low-lying in
the landscape, so tend to be the first to show symptoms
of elevated salt concentrations.
It has been estimated that 60 million ha of irrigated
land, and 61–77 million ha of arid land are affected by
secondary salinity worldwide (Marshall and Bailey
2004). Within Australia, at least 5.7 million ha of land
are affected, or lie within regions designated ‘at risk’
(NLWRA 2001). Of this affected land, more than 1
million ha occurs within the Wheatbelt Region of
Western Australia, and this is expected to increase
two–fourfold by 2050 (George et al. 2006). The extent
of secondary salinisation in this region has been
considered a major social, ecological and economic
disaster (Davis et al. 2003; Pannell and Ewing 2006).
The economic costs of salinisation not only relates to
the loss of agricultural production, but also to damage
to infrastructure including roads, rail and towns
(Pannell 2001). This loss of production can result in
less viable farms and reduced incomes, impacting on
provision of services and the social fabric of rural
towns (Pannell 2001). Other social costs relate to the
increased incidence of disease. For example, the Ross
River virus (RRV) mosquito vector Aedes camp-
torhynchus (Thomson, 1868) was found to be more
abundant in saline areas of the Wheatbelt, and
importantly, the potential for transmission of RRV, a
debilitating human viral infection, was positively
correlated with both increasing salinity and abundance
of A. camptorhynchus (Carver et al. 2009). It was
concluded that the preservation and/or restoration of
freshwater Wheatbelt habitats may reduce the poten-
tial for transmission of the RRV disease (Carver et al.
2009). Secondary salinisation also has implications for
the ecology of wetlands, including reducing diversity
of aquatic invertebrates (Pinder et al. 2005), changing
aquatic invertebrate assemblage composition (Pinder
et al. 2004), and altering habitat such as the loss of
aquatic and fringing vegetation (Froend 1987).
In recognition of the impacts of secondary salini-
sation on biodiversity, and particularly the ecological
health of wetlands, the Western Australian Depart-
ment of Conservation and Land Management (now
known as DPaW: Department of Parks and Wildlife)
established the regionally coordinated natural diver-
sity recovery catchments (NDRCs) program as part of
the state salinity action plan (SAP), which subse-
quently became known as the state salinity strategy
(Wallace 2001). The aim of the NDRC program was to
identify major, high priority biological assets that were
at risk from salinity and warrant significant, ongoing
investment for their recovery and protection (Wallace
2001). The program operated at the catchment level, as
this was the level at which groundwater tables and
recharge had to be controlled to manage the issue. Six
NDRCs were identified in Western Australia, includ-
ing the catchments of Lake Toolibin, Lake Bryde,
Lake Warden, Lake Muir-Unicup, Drummond, and
Buntine–Marchagee. While the primary goal of
recovery catchments was conservation of biodiversity,
the NDRC program also investigated solutions to
reverse salinisation, and therefore provided an oppor-
tunity to develop generic solutions for salinity man-
agement that could be implemented throughout the
region (Wallace 2001).
The state salinity strategy aspires to protect all
biodiversity assets threatened by salinity; however, given
the magnitude of the problem and the reality of limited
resources, it is necessary prioritise sites in order to
maximise the ecological values or functions to be
conserved or restored. The identification of priority areas
of ecological significance has been used worldwide to
assist management goals and reduce costs (i.e., Hoctor
et al. 2000). Although a number of methodologies have
been developed for terrestrial and marine ecosystems,
few are specific to inland waters. In Western Australia,
the selection of the recovery catchments was designed to
protect individual high-value wetlands, such as Ramsar
wetlands (Lake Toolibin, Muir-Byenup and Lake War-
den) and wetlands of national importance (i.e., Lake
Bryde) (Environment Australia 2001), while other
catchments were designated for the protection of suites
of diverse wetlands (i.e., Buntine–Marchagee and Muir-
Unicup catchments). The selection of multiple wetlands
reflects the need to not only maintain biodiversity within
an individual wetland, but to maintain a variety of
wetland types within a catchment, in order to conserve
biodiversity at a regional scale. The challenge then arises
of how to prioritise specific wetlands for individual
management within a large catchment holding many
wetlands of differing types and condition. In this paper
we propose an approach to prioritise representative
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wetlands utilising aquatic invertebrate diversity, using
the Buntine–Marchagee NDRC (BMNDRC) as a case
study.
The Buntine–Marchagee catchment supports more
than 1000 individual wetlands, covering a diversity of
types and salinity conditions, ranging from fresh, but
now being affected by secondary salinisation, through
to naturally saline, and saline becoming hypersaline.
Studies of terrestrial vegetation (Richardson et al.
2005), groundwater (Speed and Strelein 2004) and
hydrogeology have been undertaken within the catch-
ment (Richardson et al. 2005). However, little was
known of the aquatic fauna of the BMNDRC wetlands,
what species they support, and how assemblages vary
amongst wetland types. Only a small number of sites
within, and adjacent to, the catchment have previously
been sampled (i.e., Cale et al. 2004; Pinder et al.
2004). Given limited resources and the large number
of wetlands in the catchment, the aim was to charac-
terise the aquatic fauna of different wetland types
using a subset of wetlands representative of the range
of wetland types and salinities present. Knowledge of
assemblages and conservation value of the aquatic
fauna could then be used to prioritise the wetlands for
future management.
Based on surveys of vegetation, hydrology and
hydrogeology (Richardson et al. 2005; Speed and
Strelein 2004), DPaW selected 20 wetlands from the
BMNDRC to encompass the geographical spread
along the main braided drainage system, variety of
different physical characteristics, range of different
types of remnant vegetation communities, and the
range of conductivities from fresh through to hyper-
saline. The wetlands tended to be those in best
physical condition, or most representative of a sub-
set of wetlands. In this paper we describe how aquatic
invertebrate assemblages vary across the 20 wetlands,
relate the occurrence of invertebrates to salinity levels,
and propose a method to ‘‘prioritise’’ wetlands for
ongoing management with the aim of protecting them
from ongoing secondary salinisation.
Methods
Study area and sampling sites
The Wheatbelt is a major cereal growing region of
Australia, and covers an area of approximately
225,000 km2 in the south-west of Western Australia.
It has a Mediterranean climate, with hot dry summers
and cool wet winters. Average annual rainfall
decreases from *600 mm in the south-west to
*300 mm in the north-east (Gentili 1972).
The BMNDRC is located in the Northern Wheat-
belt Region, in the vicinity of the towns of Dalwallinu,
Wubin, Buntine and Marchagee, approximately
250 km NNE of Perth, the capital of Western
Australia. The catchment covers an area of approxi-
mately 181,000 ha, of which around 87 % has been
cleared for broad acre agriculture consisting of cereal
cropping and sheep farming. The BMNDRC contains
more than 1000 discrete wetlands of varying types
including primary saline braided wetland channels,
fresh/brackish wetlands, freshwater claypans, granitic
rock pools and wetlands with unusual gypsum and
bentonite substrata. Close to 70 % of these wetlands
occur low in the landscape and are at risk from
waterlogging and salinity.
Twenty wetlands were selected for sampling, 19 of
which were within the catchment, and 1 (SPS203)
situated on the catchment boundary was included for
comparative purposes as it had been sampled previ-
ously. All sites were sampled in winter (August) of
2004 and 2005 (Fig. 1; Table 1).
Field sampling
At each wetland, a graduated pole was used to measure
average (m) and maximum water depth (m), as well as
thickness of salt crust, if present. The extent of
vegetative cover of the area within and immediately
adjacent to where samples were collected was visually
assessed as an indication of habitat composition.
Percentage cover was recorded for (1) riparian veg-
etation (i.e., plants along the margins of the wetland
but not in the water, consisting of Eucalyptus spp.,
Melaleuca spp., Acacia spp., Hakea spp., Grevillea
spp. and various grasses and understorey species), (2)
samphire (i.e., saltbush, principally of the genera
Tecticornia and Sarcocornia, that occur along the
margins and into areas of shallow inundation within
the wetland), (3) submerged aquatic macrophytes (i.e.,
submerged aquatic plants found within the wetland
itself, such as Ruppia spp., Chara spp. and Nitella
spp.), (4) emergent reeds and rush (i.e., perennial
plants that grow alongside the waterbody and in
shallow margins, mostly Typha spp. and Juncus spp.),
Wetlands Ecol Manage (2016) 24:15–32 17
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and (5) open sediment (i.e., non-vegetated sediment).
Total vegetative cover (%) was also recorded. In
addition, the presence of any cyanobacterial benthic
mat was noted, with both thickness (mm) and percent
cover recorded.
Methodology for invertebrate sampling was con-
sistent with that used to survey 200 wetlands across the
Wheatbelt in 1996 as part of the SAP (Cale et al.
2004). Zooplankton and macroinvertebrates were
sampled separately at each wetland using standard
D-frame 350 mm diameter FBA pond nets of 50 and
250 lm mesh size, respectively. Samples consisted of
50 m of discontinuous sweep netting within wadeable
depth, with the aim of maximising diversity by
incorporating all habitats. In order to ensure the finer
mesh net did not get clogged, zooplankton sampling
avoided disturbing benthic sediments (i.e., sampled
the water column, and through any submerged
macrophytes). However, macroinvertebrate sampling
consisted of vigorous kick-sweep sampling of all
habitats, including benthic sediments. Macroinverte-
brate samples were preserved in 70 % ethanol, whilst
zooplankton samples were preserved in 4 %
formaldehyde in situ and then transferred to ethanol
in the laboratory.
Physico-chemical parameters were measured
in situ using a Yeo-Kal portable water quality analyser
(model 611), including dissolved oxygen (%), pH and
water temperature (C). Water samples for laboratory
analyses were collected towards the centre of each
wetland, with samples taken midway through the
water column prior to disturbance by fauna sampling.
Electrical conductivity (mS/m), colour (TCU) and
turbidity (NTU) were measured from an unfiltered
250 mL sample. Chlorophyll a was measured from a 1
L sample of water filtered through a GFC filter paper
that was then frozen and returned to the laboratory.
Chlorophyll a analysis was by acetone extract, as per
APHA iCHLA1WAC (APHA, AWWA, WEF 1995).
Total nitrogen and total phosphorus were determined
from a 100 mL water sample filtered in the field
through a 0.45 lm Millipore acetate filter and then
frozen for return to the laboratory. Analysis of nutrient
concentrations was by persulphate digestion FIA
(APHA 4500N-C, I for total nitrogen and APHAP-J,
G for total phosphorus; 1995). Chlorophyll a, total
Fig. 1 Map of the study area, showing the salinity category of each site
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nitrogen and total phosphorus analyses were under-
taken by the ChemCentre of Western Australia.
Sample processing
In the laboratory, macroinvertebrates were sorted
under a dissecting microscope and specimens were
identified to species using appropriate taxonomic keys
(i.e., Davis and Christidis 1997; Gooderham and
Tsyrlin 2002; Timms 2004), and by reference to a
voucher collection held by the authors. Each species
was enumerated using a log10 abundance scale, where
1 = 1 individual, 2 = 2–10 individuals, 3 = 11–100
individuals, and so on. Zooplankton samples were
processed by identifying the first 200–300 individuals
encountered in an agitated sample decanted into a
125 9 125 mm gridded plastic tray, with the tray then
scanned for additional missed taxa. Zooplankton
specimens were identified to the lowest taxon possible
using keys/references cited in Shiel (1995), and
enumerated using the log10 abundance scale.
Data analysis
Wetlands were a priori classified as either fresh/
brackish, saline or hypersaline based on ANZECC/
ARMCANZ (2000) salinity classifications. Fresh/
brackish wetlands were defined as those with conduc-
tivities less than 8.8 mS/cm. One of the sites classified
within this category was the only freshwater site of the
20 wetlands sampled in the BMNDRC (site # W072;
conductivity of 0.5 mS/cm in 2004 and 0.6 mS/cm in
2005). Wetlands classified as saline were in the range
8.8–50 mS/cm and those categorised as hypersaline
had conductivities greater than 50 mS/cm (i.e.,
exceeding sea water).
Levene’s test was used to test for homogeneity of
sample variances prior to undertaking two-factor
analysis of variance (ANOVA) to compare differences
in both environmental and biotic data between wetland
types and years. Where significant effects were
detected, a Tukey’s HSD post hoc test was conducted
to identify spatial/temporal differences. Proportional
Table 1 The 20 wetlands sampled in 2004 and 2005
Site numbers Easting (GDA 94) Northing (GDA 94) Size (ha) Permanent or
ephemeral waterbody
W001 420,779 6,686,836 9.4 Ephemeral
W002 420,300 6,686,700 15.8 Ephemeral
W004 436,629 6,658,695 1.7 Ephemeral
W006 435,593 6,658,319 0.8 Ephemeral
W007 424,152 6,667,100 100.4 Ephemeral
W008 425,436 6,667,124 6.9 Ephemeral
W009 419,738 6,677,933 1.0 Permanent
W010 419,925 6,678,046 0.5 Ephemeral
W011 415,399 6,678,363 20.6 Ephemeral
W015 418,063 6,683,732 0.1 Ephemeral
W016 418,350 6,683,750 3.0 Ephemeral
W018 446,489 6,667,322 59.6 Ephemeral
W019 446,124 6,667,125 2.4 Ephemeral
W052 423,483 6,676,606 0.1 Ephemeral
W056 429,170 6,658,511 1.8 Ephemeral
W061 456,233 6,682,500 3.8 Ephemeral
W070 448,357 6,666,425 17.7 Ephemeral
W071 431,443 6,668,132 16.6 Ephemeral
W072 449,886 6,664,269 0.5 Ephemeral
SPS203 411,460 6,685,610 4.7 Ephemeral
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data were arcsin transformed prior to analysis. Where
the Levene’s test indicated variances were not
homogenous, transformations were applied until this
assumption was satisfied (square root or natural log
transformations). For some vegetation data (i.e.,
percent reed/rush, percent total vegetative cover,
percent samphire and percent riparian vegetation) it
was not possible to satisfy the assumption of equality
of variance since hypersaline wetlands typically
supported no vegetation, and therefore sample vari-
ance was zero for that sub-set. All univariate statistics
were performed using SPSS software (version 19.0 for
Windows).
Environmental and biotic assemblage data were
analysed using PRIMER v6 (Plymouth routines in
multivariate ecological research; Clarke and Gorley
2006) to investigate relationships between assem-
blages and physico-chemical characteristics. Ordina-
tion of data was achieved by multi-dimensional
scaling (MDS; Clarke and Green 1988) using the
Bray–Curtis similarity coefficient (1957). MDS of
environmental data was based on the Euclidean
distance measure, using standardised and log trans-
formed data where appropriate (Clarke and Gorley
2006). Analysis of similarity (ANOSIM) was con-
ducted on a priori groups (i.e., year and salinity
category) to test for significant differences between
groups. The SIMPER routine (Clarke 1993) was used
to identify those taxa contributing to the formation of
different groups (as ascertained with ANOSIM).
A Monte-Carlo permutation procedure using the
RELATE test (Clarke et al. 1993; Clarke and Warwick
1994) was used to correlate the matrices from the
invertebrate assemblage structure (biotic) and envi-
ronmental group data. Relationships between envi-
ronmental and biotic data were then assessed using
BIOENV. To illustrate temporal change within indi-
vidual wetlands, between-year pairwise similarities
were calculated using the Bray–Curtis similarity
measure.
Based on results of above analyses, wetlands were
then divided into two groups; hypersaline and fresher
water wetlands (including fresh/brackish and saline),
and within these groups, wetlands were prioritised for
future monitoring on the basis of three metrics; species
richness, presence of conservation significant taxa and
within-site temporal similarity. Invertebrate species
richness has long been used as an indicator in
biological monitoring studies as invertebrates respond
to change in water quality and available habitat, and
generally, species richness is highest in more pristi-
ne/less disturbed environments (Miserendino et al.
2008). In addition, using species richness as a
parameter for determining priority wetlands ensures
the greatest biodiversity is conserved, which is the aim
of most management strategies worldwide (Sutherland
et al. 2009). The presence of species listed as being of
conservation significance within a wetland, including
species listed on the IUCN Redlist, locally or region-
ally restricted species and/or species new to science,
would also afford a wetland a higher priority because
of the conservation value of such species. The
management of wetlands that support conservation-
significant species would assist in the maintenance of
biodiversity and ensure no loss of species. Finally,
within-site temporal similarity was considered a
useful parameter for prioritising wetlands given that
sites that exhibit high natural variability, but with little
change to habitat and/or the absence of any obvious
anthropogenic impact, limit the ability to detect
change in communities over time (Ham and Pearsons
2000). From a management perspective, wetlands that
show low temporal change provide the best sites for
rehabilitation trials, as changes in response to man-
agement actions are more likely to be apparent and
statistically detectable.
Using these three metrics, the wetlands were given
a rank score for (a) total number of invertebrate taxa
recorded, (b) the number of conservation significant
taxa, and (c) percent temporal pairwise similarity. The
rank scores given to each wetland for each metric were
then averaged, and the wetlands were ordered accord-




For the majority of variables, there were significant
differences between salinity categories (Table 2). A
difference between years was only recorded for
dissolved oxygen and chlorophyll a (Table 2). In
support of the salinity category definitions, the mean
conductivity of each category was significantly dif-
ferent from each other, with no temporal difference
and no significant interaction (Table 2). A number of
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Table 2 Two-factor ANOVAs on environmental data. Groups
not joined by a common line are significantly different from
each other (a = 0.05). Groups are arranged in ascending order,
with mean values in parentheses. Where transformations have
been applied, geometric means are provided
Parameter Source df F p Tukeys post-hoc test
DO Salinity Category 2 3.81 0.032 Saline (56.38) Hypersaline (67.65) Fresh/Brackish (72.34)
Year 1 343.11 0.000 2004 (29.86) 2005 (105.54)
Salinity*Year 2 8.57 0.001
Temp Salinity Category 2 3.04 0.061
Year 1 17.14 0.000 2005 (13.1) 2004 (16.8)
Salinity*Year 2 2.711 0.081
Cond (ln) Salinity Category 2 142.13 0.000 Fresh/Brackish (2.48) Saline (15.79) Hypersaline (108.75)
Year 1 0.08 0.777
Salinity*Year 2 0.07 0.931
Colour (ln) Salinity Category 2 24.11 0.000 Hypersaline (11.87) Fresh/Brackish (28.00) Saline (460.27)
Year 1 0.09 0.766
Salinity*Year 2 0.28 0.761
Depth Salinity Category 2 3.46 0.043 Hypersaline (0.24) Saline (0.32) Fresh/Brackish (0.43)
Year 1 2.75 0.106
Salinity*Year 2 0.62 0.543
Total_P (ln) Salinity Category 2 8.28 0.001 Fresh/Brackish (0.02) Hypersaline (0.02) Saline (0.07)
Year 1 0.97 0.333
Salinity*Year 2 0.20 0.818
Chl a (ln) Salinity Category 2 0.17 0.849
Year 1 43.78 0.000 2004 (0.00) 2005 (0.07)
Salinity*Year 2 0.87 0.422
Veg cover Salinity Category 2 9.16 0.001 Hypersaline (0.14) Fresh/Brackish (0.54) Saline (0.55)
Year 1 0.01 0.933
Salinity*Year 2 1.24 0.301
Reed/rush Salinity Category 2 4.49 0.019 Hypersaline (0) Saline (0.11) Fresh/Brackish (0.15)
Year 1 0.18 0.674
Salinity*Year 2 0.11 0.893
Samphire Salinity Category 2 13.81 0.001 Fresh/Brackish (0) Hypersaline (0.02) Saline (0.36)
Year 1 0.78 0.382
Salinity*Year 2 0.23 0.799
Riparian veg Salinity Category 2 3.77 0.033 Saline (0) Hypersaline (0) Fresh/Brackish (0.01)
Year 1 0.24 0.625
Salinity*Year 2 0.04 0.957
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variables showed no significant difference between
either years or salinity category, including pH, total
nitrogen, turbidity, benthic mat thickness, percent
cover of benthic mat and percent macrophyte cover
(Table 2).
Taxonomic composition
A total of 202 taxa were recorded from the 20 wetlands
sampled in 2004 and 2005. Most taxa were considered
tolerant of a wide range of environmental conditions
and are common, ubiquitous and frequently encoun-
tered in wetland systems within Western Australia. Of
note, however, was the collection of a number of
species known only from the south-west of the State,
including the Conchostraca Caenestheriella packardi
(Brady, 1886), Anostraca Parartemia contracta (Lin-
der, 1941), Parartemia serventyi (Linder, 1941) and P.
longicaudata (Linder, 1941), chironomids Dicro-
tendipes conjunctus (Walker, 1856) and Procladius
villosimanus (Kieffer, 1917), and the hydrophilid
Coleoptera Helochares tenuistriatus (Re´gimbart,
1908). The Anostraca, P. contracta, is listed as
vulnerable on the IUCN Redlist of Threatened Species
(Inland Water Crustacean Specialist Group 1996). A
locally endemic species of chironomid, Chironomus
occidentalis (Skuse, 1889), also was collected from
wetlands in the BMNDRC (sites W009, W010 and
W061). The majority of endemic taxa occurred in the
fresh/brackish wetlands, with the exception of the
anostracans P. contracta and P. longicaudata, and the
chironomid Cladopelma sp. nov. which occurred in
hypersaline wetlands. Sites W010 and W011 had the
greatest number of south-west Australian and locally
restricted endemic taxa. Hypersaline wetlands tended
to support predominantly cosmopolitan species.
Of conservation significance was the collection of
two species new to science: the rotifer Hexarthra sp.
recorded from W072, and the chironomid Cladopelma
sp. nov. from W011, W052 and SPS203. In addition,
two rotifer species constituted new records, one for
Australia [Hexarthra propinqua (Bartos, 1948) from
W001 and W002] and one for Western Australia
[Proales daphnicola (Thompson, 1892) from W009].
Three introduced species were collected, including
the freshwater crayfish Cherax destructor (Clark,
1936) from W052, the aquatic snail Physa acuta
(Draparnaud, 1805) from W072 and the fairy (brine)
shrimp Artemia parthenogenetica (Bowen and Ster-
ling, 1978) from W006, W019 and W070.
Taxa richness
Invertebrate taxa richness varied between site and year
(Fig. 2). The greatest number of taxa was recorded
from W072 in 2004 (52 taxa) whilst the least was
recorded from W007 in 2005 (only one taxon; see
Fig. 2). Taxa richness was significantly different
between wetlands of varying salinity, and was signif-
icantly greater in brackish wetlands when compared
with saline and hypersaline wetlands (Table 3).
Although a greater number of taxa was recorded from
saline wetlands when compared with hypersaline
wetlands, this difference was not significant (Table 3).
There was a strong inverse relationship between
wetland conductivity (log x?1) and taxa richness, with
the number of taxa decreasing as conductivity increased
(Fig. 3). Over 83 % of the between-wetland variation in
taxa richness was explained by wetland conductivity
(y = -18.35x ? 47.43; R2 = 0.84; Fig. 3).
Patterns in community structure
Invertebrate assemblage composition was signifi-
cantly different between the three wetland groups
(Fig. 4; ANOSIM, global R = 0.26, p = 0.002). Post
hoc analysis revealed invertebrate communities were
not significantly different between saline and hyper-
saline wetlands (p = 0.36), but were different
between brackish and saline (p = 0.003), and between
brackish and hypersaline wetlands (p = 0.001).
The average dissimilarity of invertebrate assem-
blages between hypersaline and brackish wetlands was
extremely high (SIMPER; 89.9 %). Brackish wetlands
were found to be typified by Daphnia carinata (King,
1853) (Cladocera), Boeckella triarticulata (Thomson,
1883) (Copepoda: Calanoida), the chironomids Tany-
tarsus fuscithorax (Skuse, 1889), P. villosimanus,
Polypedilum nubifer (Skuse, 1889) and Limnophyes
pullulus (Skuse, 1989) (Diptera), Micronecta robusta
(Hale, 1922) (Hemiptera), Agraptocorixa eurynome
(Kirkaldy, 1897) (Hemiptera), Allodessus bistrigatus
(Clark, 1862) (Coleoptera), Orthetrum caledonicum
(Brauer, 1865) (Anisoptera), Hemianax papuensis
(Burmeister, 1839) (Anisoptera) and Austrolestes
annulosus (Selys, 1862) (Zygoptera). Saline wetlands
were generally characterised by Diacypris sp.
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(Ostracoda), the chironomids Chironomus aff. alter-
nans (Diptera) and Tanytarsus semibarbitarsus (Glo-
ver, 1973) (Diptera), Ephydridae spp. (Diptera),
Culicinae spp. (Diptera), and Hemicordulia tau (Selys,
1871) (Anisoptera). The amphipod Austrochiltonia
subtenius (Sayce, 1902) was common to both brackish
and saline wetlands, as was the chironomid Procladius
paludicola (Skuse, 1889). Taxa dominant within
hypersaline wetlands were Meridiecyclops baylyi
(Fiers, 2001) (Copepoda: Cyclopoida), Australocypris
cf. insularis (Ostracoda), T. barbitarsus (Freeman,
Fig. 2 Total invertebrate
taxa richness recorded from
each site during each year
Fig. 3 Linear regression between wetland conductivity
log(x ? 1) and taxa richness, showing regression equation and
R2 value
Table 3 Two-factor ANOVA for taxa richness data. Groups
not joined by a common line are significantly different from
each other (a = 0.05). Groups are arranged in ascending order,
with mean values in parentheses. Where transformations have
been applied, geometric means are provided
Parameter Source df F p Tukeys post-hoc test
Taxa richness (ln) Salinity Category 2 53.99 0.000 Hypersaline (7.92) Saline (27.19) Fresh/Brackish (35.62)
Year 1 0.28 0.630
Salinity*Year 2 1.31 0.282
Fig. 4 MDS ordination of the 20 wetlands sampled in 2004 and
2005, using presence/absence data. Symbols indicate salinity
category; filled triangles hypersaline, filled squares fresh/
brackish, and open triangles saline
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1961) (Diptera: Chironomidae), Muscidae spp. (Dip-
tera), Tabanidae spp. (Diptera) and A. parthenogenet-
ica (Anostraca).
The similarity matrices for the environmental and
invertebrate community group structure were signif-
icantly correlated (RELATE, sample statis-
tic = 0.175, p = 0.007). Furthermore, patterns in the
invertebrate community data were found to be influ-
enced by five environmental variables: percent cover
of total vegetation, samphire, reeds/rushes, riparian
vegetation and macrophytes (BIOENV). Of these,
percent total vegetative cover and percent samphire
cover particularly were influenced by salinity
(Table 2). Percent vegetative cover was lowest in
hypersaline wetlands but similar in saline and brackish
sites (Table 2), whereas cover of samphire was
significantly greater in saline wetlands when com-
pared with brackish and hypersaline sites (Table 2).
Temporal variability
There was no significant difference in invertebrate
assemblage structure between years (Fig. 5; ANO-
SIM, global R = 0.045, p = 0.09). However,
between-year pairwise similarity ranged from 0 % at
hypersaline site W071 to around 67 % at brackish site
W010 (Table 4). In 2004, four taxa were recorded
from W071, while in 2005 two entirely different taxa
were collected. Temporal change in community
structure at the hypersaline SPS203 was also consid-
erable, and this was reflected in the low percentage
pairwise similarity (13 %). It is suggested this wetland
dried between the 2004 and 2005 surveys, resulting in
a distinctly different invertebrate assemblage between
years. Generally, brackish (mean = 50.2 %) and
saline wetlands (mean = 53.2 %) had higher
between-year percentage similarities than hypersaline
sites (mean = 38.8 %), however this difference was
not significant (Table 4; one-way ANOVA, df = 19,
F = 1.07, p[ 0.05).
Priority wetlands
Hypersaline wetlands with the greatest number of
invertebrate taxa were W002, W004 and W061
(Table 5). Sites showing little between-year variation
were W001, W004, W019 and W061 (Table 5). The
greatest number of conservation significant taxa was
recorded from W002. The rotifer, H. propinqua, was
found at W002. The hypersaline wetlands were then
ordered on the average rank across the three metrics
(Table 5), with the top five ranked sites being W002,
W004, W061, W001 and W019.
The highest taxa richness from fresher water
wetlands within the BMNDRC were recorded from
Fig. 5 MDS ordination of the 20 wetlands sampled in 2004 and
2005, using presence/absence data. Symbols indicate year; open
triangles 2004, and filled squares 2005
Table 4 Between-year percent pairwise similarity
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W011, W072, W010, W009 and W015 (Table 6).
Wetlands with high percent pair-wise similarity
between years (i.e., low variation over time) were
W010, W015, W011, W009 and W016. Of particular
conservation importance was the new Cladopelma
species from W011, new species of Hexarthra (rotifer)
and Orthocladiinae (chironomid) from W072, and the
collection of P. daphnicola (rotifer) from W009. The
fresher wetlands were then ordered on the average
rank across the three metrics (Table 6), with the top
five ranked sites being W011, W010, W009, W072
and W015.
Discussion
In this study, a representative suite of 20 wetlands was
sampled from within, and adjacent to, the BMNDRC.
The wetlands encompassed the geographical spread
along the main braided drainage system, the variety of
different physical characteristics, the range of differ-
ent types of remnant vegetation communities, and the
range of conductivities from fresh through to hyper-
saline. An average richness of*10 taxa was recorded
from hypersaline wetlands, *28 taxa from saline
wetlands and *36 taxa in brackish wetlands. This
diversity was relatively low when compared with
other studies of its type worldwide (Hammer et al.
1990; Aladin et al. 1998), as well as other studies from
wetlands in higher rainfall regions of Western Aus-
tralia. Storey et al. (1993) recorded 72, 96 and 85 taxa
from three freshwater wetlands on the south coast of
Western Australia during winter. Brackish Thomsons
Lake, the most species-rich wetland studied on the
Swan Coastal Plain, close to Perth, supported 60 taxa
(Davis and Rolls 1987). When compared with other
Table 5 Rank of
hypersaline wetlands based













W002 1 6 1 2.67
W004 2 2 4 2.67
W061 2 4 4 3.33
W001 5 1 4 3.33
W019 5 3 4 4.00
W070 4 5 4 4.33
W008 5 8 2 5.00
W056 5 7 4 5.33
W018 5 9 4 6.00
SPS203 10 12 2 8.00
W006 11 10 4 8.33
W007 13 11 4 9.33
W071 12 13 4 9.67
Table 6 Rank of fresher
wetlands (fresh/brackish
and saline) based on total
number of invertebrate
fauna, percent temporal
similarity and number of
conservation significant
fauna








W011 1 3 1 1.67
W010 4 1 2 2.33
W009 5 4 3 4.00
W072 2 7 5 4.67
W015 6 2 6 4.67
W016 8 5 6 6.33
W052 7 6 6 6.33
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Western Australian Wheatbelt wetlands, average
richness recorded during the current study was com-
parable or slightly low. For example, Pinder et al.
(2005) reported maximum diversity of less than 20
taxa from hypersaline wetlands, Lyons et al. (2007)
recorded 39 invertebrate taxa from saline Lake Eganu,
but over four sampling occasions, and Halse et al.
(2000) recorded 63 taxa from the brackish Lake
Walbyring.
Although generally comprising common, ubiqui-
tous species, the BMNDRC wetlands also contained
species endemic to the south-west of Western Aus-
tralia, species locally endemic, a species listed on the
IUCN Redlist of Threatened Species, two species new
to science, and new records for Australia and Western
Australia. This study provides an important baseline
documenting the ecological values of the system, and
details how the ecological values vary between
wetlands. The protection and management of all
1000 wetlands within the BMNDRC would be a
difficult task, therefore the characterisation of the
fauna was a necessary step in prioritising the wetlands
to guide management actions.
Defining salinity categories
Salinity categories used in wetland assessment vary
between studies, and the question of defining salinity
categories has been the focus of some debate.
Williams (1964) proposed a value of [3000 mg/L
(*4.5 mS/cm)1 to define saline waters based on the
concentration at which a ‘brackish taste’ became
obvious. The value of defining salinity categories
based on mammalian taste was later debated by Bayly
(1967) and Hammer (1986), and a more ecologically
appropriate classification of 1000 mg/L (*1.5 mS/
cm) to 10,000 mg/L (*14.9 mS/cm) was suggested
by Bayly (1967). Hart and McKelvie (1986) agreed
with this classification, as 10,000 mg/L is the approx-
imate upper salinity tolerance of many commonly
occurring freshwater organisms. Wollheim and Lov-
vorn (1995) defined oligosaline lakes as those being
0.8 mS/cm (*536 mg/L) to 8.0 mS/cm (*5360 mg/
L), and mesosaline lakes as those between 8.0 and 30.0
mS/cm (*20,100 mg/L). The Australian Water
Resources Council adopted a concentration of
5000 mg/L (*7.5 mS/cm) as the lower limit for
salinity (AWRC 1987). Classifications used in the
current study were similar to this, with fresh/brackish
wetlands being those with salinities B8.8 mS/cm
(*5896 mg/L) and saline wetlands having salinities
between 8.8 and 50 mS/cm (*33,500 mg/L). There-
fore, there are no universally accepted thresholds for
defining wetland salinity categories, however, the
categories used in the current study are supported by
significant differences in aquatic fauna between the
wetlands sampled.
Invertebrate assemblages
Invertebrate richness showed a strong inverse rela-
tionship to salinity, with richness decreasing as
salinity increased. This finding is consistent with
studies of lentic (i.e., Hammer 1986; Halse et al. 2003;
Blinn et al. 2004; Pinder et al. 2005) and lotic waters
throughout the world (i.e., Bunn and Davies 1992;
Wollheim and Lovvorn 1995; Griffith et al. 2001),
which consistently show salinity to be a major factor
influencing community composition in aquatic
systems.
The invertebrate communities of the BMNDRC
wetlands appear to display some tolerance to high
salinities, with most taxa that occur in brackish
wetlands also occurring in saline wetlands, but not in
hypersaline wetlands. The average taxa richness was
significantly reduced in wetlands with salinities
greater than 50 mS/cm. It is considered that in the
Wheatbelt, historical exposure to salinity as a result of
significant landscape and catchment disturbance, due
mostly to agricultural practices, has led to the evolu-
tion of diverse halobiont invertebrate communities
(Remigio et al. 2001; Marshall and Bailey 2004). It has
therefore been suggested that the diversity of aquatic
fauna from this region has been reduced to a subset of
taxa that are resilient and halotolerant (Marshall and
Bailey 2004). Whilst the relative salt-tolerance of
Wheatbelt invertebrates has been documented, nearly
half of these invertebrates only occur in naturally
saline waterbodies with undisturbed hydrological
regimes (Pinder et al. 2005). Secondary salinisation
is believed to pose a threat even to salt-adapted species
because many cannot tolerate the altered hydroperiod
associated with secondary salinisation (Cale et al.
2004). While many genera have evolved over geolog-
ical time to inhabit a range of salinities, individual
1 A conversion factor of 0.67 was used to convert mg/L to lS/
cm as recommended by ANZECC/ARMCANZ (2000).
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populations show limited tolerance to rapid change
(i.e., Marshall and Bailey 2004). Bunn and Davies
(1992) suggest that native freshwater species may be
able to survive increases in salinity of 0.05 ppt (*0.07
mS/cm) to 0.25 ppt (*0.37 mS/cm) above their
normal threshold range, but only if the change is
incremental.
Although the invertebrate taxa of the BMNDRC
may have evolved some tolerance to salt, loss of
diversity would occur if salinities increased further as
a result of secondary salinisation. For example, salt-
sensitive fauna occurring within the brackish suite of
wetlands would be lost. Fauna recorded from the
BMNDRC considered to be most sensitive to further
increases in salinity were the Cladocera D. carinata
(Palmer and Scherman 2000), Copepoda B. triartic-
ulata, Chironomidae T. fuscithorax, Odonata O.
caledonicum and H. papuensis (Hart et al. 1991),
and the Corixidae M. robusta and A. eurynome. All of
these taxa were recorded only from the fresh/brackish
and saline wetlands, and were notably absent from
hypersaline wetlands of the BMNDRC.
Invertebrate communities showed a strong rela-
tionship with vegetative cover, and, as would be
expected, vegetative cover was related to salinity
levels, with the hypersaline wetlands having signifi-
cantly less cover. Saline wetlands, however, were
characterised by a high cover of salt-tolerant samphire,
which was not observed at any of the brackish
wetlands. This is consistent with the literature, since
elsewhere, an increase in salinity has resulted not only
in reduced plant species richness, but also a change in
plant species composition (Hart et al. 1991; Lymbery
et al. 2003). Many aquatic invertebrates are reliant on
vegetation, whether riparian or aquatic, since it
provides habitat (Strayer and Malcom 2007), protec-
tion from predators and a source of food (Smock and
Stoneburner 1980). As such, changes in riparian and
aquatic plant communities ultimately impact diversity
of aquatic invertebrates (Naiman and De´camps 1997).
Impacts to riparian vegetation associated with dryland
salinity can be a consequence of both elevated soil
salinities and waterlogging (Hart et al. 1991; Lymbery
et al. 2003). The majority of riparian flora of streams
and wetlands throughout Australia are non-halophytes
and vulnerable to the effects of increased salinity
(Rozema 1975).
The invertebrate assemblages of the BMNDRC
wetlands showed some degree of temporal variability.
Hypersaline sites showed considerable change
between years, however, these wetlands supported
low taxa richness, and so a change in only a small
number of taxa would result in relatively high
variation between years (i.e., a low percent pairwise
similarity). Temporal variability in aquatic inverte-
brate fauna is common, even when samples are taken
in the same manner from the same habitat and location
(McElvray et al. 1989). Temporal variation can be
correlated with hydrological cycle (Tarr et al. 2005),
changes in riparian and aquatic vegetation (viz. habitat
change; i.e., Balla and Davis 1995) and the ecology/
life cycle characteristics of the invertebrates them-
selves (Porst et al. 2012). Changes can also be related
to drought or flood, as well as disturbance such as fire
(Minshall 2003).
The influence of changes in hydrology and
hydroperiod on aquatic invertebrate assemblages of
BMNDRC wetlands was evident at site SPS203. This
site was sampled as part of the SAP in 1999 (Wallace
2001), following exceptionally high winter rainfall
and local flooding. Consequently, water levels were
higher and salinity lower (4.2 ppt compared with 70
ppt in 2004) at SPS203 in 1999 than anytime during
the current study. The high water levels in 1999 also
resulted in marginal riparian vegetation being flooded,
providing increased habitat diversity; this habitat was
not flooded during the current study. Invertebrate
diversity was also higher in 1999 (54 taxa) than 2004
(9 taxa). Therefore, these saline wetlands are able to
support far greater diversity when fresh and recently
filled. This may be due to aquatic invertebrates with
aerial adult stages opportunistically colonising the
wetland, but may also be due to emergence of
freshwater-adapted residents whose resting eggs are
deposited along the high water mark and only emerge
infrequently when the wetland is full, fresh and water
levels reach this mark.
Priority wetlands
Characterisation of wetland types on aquatic inverte-
brate fauna has demonstrated that each type of wetland
has distinct faunas with distinct attributes. The chal-
lenge for managers is to decide which wetlands to
protect. Analyses indicated that fresher water sites,
including fresh/brackish and saline wetlands, recorded
greater diversity and number of conservation signif-
icant species than hypersaline wetlands; however,
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hypersaline wetlands also have value because they
support a suite of invertebrates not found in the fresher
sites. Therefore, in order to maintain regional biodi-
versity, wetlands across the range of types must be
protected. The initial selection of wetlands for sam-
pling was based on comprehensive studies of vegeta-
tion values (i.e., Richardson et al. 2005), groundwater
modelling (i.e., Speed and Strelein 2004) and hydro-
geology (i.e., Richardson et al. 2005), with the
selected wetlands considered the most representative
of their type. Scoring and ranking on the basis of
aquatic fauna values identified high ranking wetlands
in each group for ongoing monitoring and manage-
ment. The highest ranking wetlands would be consid-
ered priority wetlands and would be considered the
best wetlands in terms of vegetation and hydrology,
but also in terms of aquatic invertebrate values for
management and protection.
The fresher water (including fresh/brackish and
saline) and hypersaline wetlands supporting the
greatest number of invertebrate taxa and showing the
least between-year variation were prioritised for future
monitoring and management. In addition to supporting
unique fauna, hypersaline site W001 was considered a
unique wetland within the catchment as it has naturally
low pH and the bed consists of a layer of gypsum
crystals, with no other occurrence of this type of
wetland known in the catchment.
The final number of wetlands selected for ongoing
management will ultimately depend on the funding
and resources available, as well as proximity to other
high priority wetlands. Where broader landscape
approaches are used, for example, there would be
benefit in selecting groups of priority wetlands in close
proximity in order to gain maximum impact from the
management strategy.
The metrics chosen for prioritising wetlands in and
adjacent to, the BMNDRC were deemed the most
useful in this setting. However, the inclusion of
different metrics may apply to different suites of
wetlands. For example, diversity of fish might be a
valuable metric as fish tend to be good indicators of
ecosystem health (Hugueny et al. 1996; An and Choi
2003), and they are relatively easy to sample and
identify. Of the wetlands sampled, only one (W009)
supported a species of fish, the Swan River goby
Pseugobius olorum (Sauvage, 1880), and on only one
sampling occasion. As such, fish diversity was not a
useful metric in this study. Another potential metric
might be the presence of invasive species, such that
sites which support introduced or invasive species are
afforded a lower priority rank than those in which they
are absent.
Introduced species
Introduced species are recognised globally as a major
threat to biodiversity and ecosystem health (Pimentel
et al. 2005). Deleterious impacts such as predation on,
and competition with, native species (Lynas et al.
2006), alteration of food webs (Nystro¨m et al. 1999)
and the introduction of diseases (Levy 2004) have
been reported. Three introduced species were recorded
from the BMNDRC; the snailP. acuta, brine shrimpA.
parthenogenetica and crayfish C. destructor.
Native to Europe, the Nearctic region and the
neotropical region, P. acuta is thought to have been
introduced by European settlers (Smith 1996). It is
now found across the Australian continent, and
appears to be actively spreading (Smith 1996). It is a
long-established occupant of wetlands and river
systems within various parts of south-western Aus-
tralia. The introduction of this species in the Murray
River of South Australia has been implicated in
declines of native gastropod species, including the
ecologically similar Glyptophysa gibbosa (Gould,
1846) (Zukowski and Walker 2009). P. acuta appears
to be reasonably sensitive to salinity, with a reported
72 h LC50 of 12.6 mS/cm (Kefford et al. 2006), no
hatching success of eggs above 12 mS/cm (Kefford
et al. 2004) and a significant reduction in growth
between 1 and 5 mS/cm (Kefford and Nugegoda
2005). P. acuta was only recorded from the fresh/
brackish wetland W072.
The method of introduction of the brine shrimp, A.
parthenogenetica, within Australia, is currently con-
tentious, with some holding the view that they were
intentionally introduced for aquaculture (e.g., Wil-
liams 1981). More recently, the view that Artemia
spread by natural means from Asia has gained wide
support (e.g., McMaster et al. 2007; Timms 2004). The
spread of Artemia into natural waterways where they
will likely co-occur with native anostracans is of
concern. They seem particularly suited to conditions
common to wetlands of the BMNDRC, showing a
preference for hypersaline waters (Timms 2004).
The yabby, C. destructor, a crayfish native to
eastern Australia, was first introduced to Nareembeen
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in the Western Australian Wheatbelt District, approx-
imately 280 km to the east of Perth, in 1932 (Morrissy
and Cassells 1992). This species has proved to be a
highly successful invasive species and has since
spread throughout much of the south-west of the state
(Lynas et al. 2004). Its presence in natural aquatic
systems is of concern owing to its highly aggressive
nature (Lynas et al. 2007) and superior competitive
ability (Lynas et al. 2004, 2006). This species is also
tolerant of a wide range of environmental conditions,
has the ability to exploit a wide variety of different
aquatic habitats, including semi-permanent swamps,
billabongs, irrigation channels, and deeper, permanent
streams and rivers (Austin 1985), and produces a large
number of offspring (Beatty et al. 2005). They are
more tolerant of salinity than local native freshwater
crayfish and are known to survive in salinities up to
17,000 mg/L (*25.4 mS/cm). C. destructor was
recorded from a fresh/brackish category wetland
(W052). It is likely that if salinity continues to
increase, this species will not survive.
Management of wetlands
Secondary salinisation comes with high social, eco-
nomic and environmental costs. Waterlogging and
salinisation takes agricultural land out of production,
damages infrastructure such as roads, railways and
buildings, and impacts wetlands, waterways and their
dependent fauna and flora. The solutions are expensive
and not always socially acceptable, and need to be
applied at the catchment or at least sub-catchment
scale, to reduce infiltration and reverse rising water
tables. There is also a challenge in implementing
management actions that will not subsequently impact
the aquatic ecosystems in other ways. For example,
deep drainage has been implemented in some agricul-
tural areas to combat rising groundwater levels, and
saturation of lower lying land. The intent is to drain
low-lying land, using a network of deep drains and
bunding (an artificial embankment that prevents water
entering a wetland, diverting it to a drain). However,
these drains often intercept acid sulphate soils, leading
to acidification of nearby wetlands, as has occurred
elsewhere in the Wheatbelt (Stewart et al. 2009).
From an environmental perspective, protecting the
few remaining healthy wetlands in a catchment is a
high priority, whether it is to protect freshwater
wetlands from going saline or naturally brackish or
saline wetlands from becoming hypersaline. Either
scenario results in the loss of endemic species of
conservation value. The approach described here will
help identify these higher value wetlands for conser-
vation and management.
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